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 ABSTRACT 

 
A mass-balance budget of N cycling was developed for an intensive agricultural area in 

west-central Minnesota to better understand NO3
- contamination of ground water in the Otter Tail 

outwash aquifer. Fertilizer, biological fixation, atmospheric deposition, and animal feed were the 
N sources, and crop harvests, animal product exports, volatilization from fertilizer and manure, 
and denitrification were the N sinks in the model. Excess N, calculated as the difference between 
the sources and sinks, was assumed to leach to ground water as NO3

-. The budget was developed 
using ground water data collected throughout the 212-km2 study area. Denitrification was 
estimated by adjusting its value so the predicted and measured concentrations of NO3

- in ground 
water agreed. Although biological fixation was the largest single N source, most was removed 
when crops were harvested, indicating that inorganic fertilizer was the primary source of N 
reaching the water table. It was estimated that denitrification removed almost half of the excess 
NO3

- that leached below the root zone. Even after accounting for denitrification losses, however, 
it was concluded that the ground water system was receiving approximately three times as much 
N as would be expected under background conditions. 
 
The N cycle of agro-ecosystems is by definition dominated by agricultural sources and sinks, the 
magnitude of which greatly exceeds natural cycles that evolved over many millennia. 
Agricultural inputs of N in the USA have increased 20-fold in the past 50 yr, and the most 
dramatic increases have taken place in the past 30 yr (Puckett, 1995). Vitousek (1994) has 
estimated that of the total N used by humans throughout history up to 1992, approximately half 
was applied from 1982 to 1992. Consequently, many agro-ecosystems and their associated 
ground water and surface water systems may still be receiving increasing N amounts. 

 
One of the least appreciated components of the alteration of the natural cycle is the 

dramatic increase in N inputs caused by increased cultivation of N fixing crops such as alfalfa 
(Medicago sativa L.), soybean [Glycine max (L.) Merr.], and other legumes. These crops have a 
much greater capacity to fix atmospheric N than natural vegetation. For example, alfalfa can fix 
approximately 218 kg N ha-1 yr-1, whereas deciduous forests can fix only about 12 kg N ha-1 yr-1 

(Keeney, 1979; Jordan and Weller, 1996). In some agro-ecosystems, legume fixation may even 
be the largest source of N. For example, Keeney (1979) estimated that for the state of Wisconsin, 
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N fixation by legumes exceeded inputs from commercial fertilizer by 2.5 times. Peterson and 
Russelle (1991) estimated that for the eight states of the U.S. Corn Belt, alfalfa alone contributed 
1 × 109 kg of N compared with 4 × 109 kg from commercial fertilizer. It is important to consider 
this N source because it may contribute NO3

- to ground water and surface waters either directly 
through N added to the soil or indirectly as the result of mineralization of plant residues or 
animal manure. 

 
Nitrate contamination is important both from a human health and an ecosystem 

perspective. The USEPA has set a maximum contaminant level of 10 mg L-1 NO3–N for drinking 
water (USEPA, 1996), whereas NO3

- in ground water discharging to surface waters can support 
eutrophication, degrading aquatic ecosystems. Furthermore, recent studies have shown that 
ground water residence times of 50 yr or more are common (Bohlke and Denver, 1995; Modica 
et al., 1998). In areas where ground water NO3

- concentrations are at historically high levels, we 
may expect NO3

- discharges to surface water to continue for many years unless there are 
mitigating biogeochemical processes along ground water flow paths. Consequently, it is 
important to understand the biogeochemical processes, such as denitrification, that may alter N 
concentrations in ground water systems. 

 
A number of recent studies have identified N sources and have presented mass-balance 

budgets at various scales (Correll et al., 1992; Jaworski et al., 1992; Barry et al., 1993; Puckett, 
1995; Jordan and Weller, 1996; McMahon and Woodside, 1997). However, only one study (Hall 
and Risser, 1993) has shown a direct link to ground water NO3

- concentrations. Because of a 
general lack of reliable ground water quality data, most studies of this kind have either ignored it 
altogether or incorporated it as part of storage within the system. Furthermore, because of the 
lack of a complete system analysis, previous studies have only been able to speculate on the 
magnitude of denitrification. 

 
There is a great need for mass-balance studies of agro-ecosystems at various scales to 

better understand the role of ground water as a reservoir and/or sink for N in the environment and 
to improve N management strategies for water quality purposes. Furthermore, glacial outwash 
covers large areas of previously glaciated portions of North America now under intensive 
cultivation. Because these outwash materials are well drained, and in many areas are under 
intensive agricultural cultivation, they are potentially vulnerable to ground water contamination. 
In this article, we present a N mass-balance budget of an agro-ecosystem located on an outwash 
aquifer in west-central Minnesota, based on systematically collected ground water quality data. 
Our objective is to demonstrate that excess N can be used to estimate ground water NO3

- 
concentrations in well-drained outwash settings and that denitrification can be a significant N 
sink. 
 
 STUDY AREA 

 
This study was conducted in Otter Tail County in west-central Minnesota, USA (Fig. 1). 

Three study areas are discussed in this report. The primary study area is limited to the Otter Tail 
outwash aquifer section north of Rush Lake (Fig. 1) and covers 212 km2 in east-central Otter Tail 
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County. A smaller, 36-km2 subunit in the aquifer area north of the Otter Tail River near Perham, 
referred to as the Perham study area, was selected for more intensive study (Fig. 1). A third 
study area comprised the collective recharge areas of the wells sampled, and represented 0.7 km2. 

 
The Otter Tail outwash aquifer consists mostly of fine to coarse, fairly well sorted sand, 

but also contains some gravel and clay lenses. Aquifer thickness is generally about 18 m but may 
be more than 30 m in places (Reeder, 1972). Sediments comprising the aquifer were deposited by 
meandering, debris-laden streams flowing from the disintegrating margin of the Des Moines 
glacial lobe sometime between 14 000 and 12 000 yr BP (before present) (Wright, 1972). After 
the outwash sands were deposited, stagnant ice blocks within the aquifer melted, forming the 
abundant lakes and wetland depressions common throughout the area (Goldstein, 1985). 

 
Recharge to the aquifer occurs over much of its area from snowmelt and direct 

precipitation. Because of the coarse aquifer materials, recharge is rapid, taking only about 0.5 to 
1 yr for infiltrating water to reach the water table (Cowdery, 1997). Ground water flow is 
generally from higher elevations of the moraines on the west, north, and east sides of the aquifer 
toward the Otter Tail River chain of lakes in the center of the aquifer. Wetlands, lakes, and 
streams are in hydraulic connection with the ground water. Water loss from the aquifer is through 
discharge to the Otter Tail River, lakes, wetlands, wells, and through evapotranspiration. 

 
Stoner et al. (1993) reported the climate as subhumid continental, and Winter and Woo 

(1990) placed the study area in the zone where open water evaporation exceeds precipitation by 
approximately 10 cm yr-1. Annual average temperature and precipitation (including all forms) in 
the area during the 30-yr period from 1966 to 1995 was 5.4°C and 68 cm, respectively. From 
1991 to 1995, which includes the time period for this study, precipitation averaged 68.9 cm yr-1. 
Historically, the study area was prairie, surrounded by hardwood and conifer forests on the 
morainal uplands; at the time of the study, however, approximately 73% of land was cropland. 
 
 METHODS 
 
 Study Design 

 
Within the 212 km2 Otter Tail outwash aquifer study area, 29 well sites were chosen at 

random for the water quality sampling network. Wells were constructed at 22 of the sites with 
screens positioned to intersect the water table, whereas seven existing wells were selected for 
sampling. Existing wells had short screens that were close to the water table, had no confining 
beds separating the screen from the land surface, and were located as near as possible to the 
preselected randomly located sampling site. All installed wells were made of 5-cm inside 
diameter polyvinyl chloride (PVC) pipe with slotted 1.3 m long PVC screens. No foreign water 
was introduced into the well except deionized water where necessary for development. Depth to 
water ranged from 0.7 to 10.1 m with a median of 4.6 m, and depth to the sampling point ranged 
from 1.9 to 22.3 m with a median of 6.7 m. 
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 Land Use Data 
 

For the study area as a whole, land use was characterized using a geographic information 
system (GIS) and Anderson Level II land use, land cover data compiled from aerial photography 
(Anderson et al., 1976). In addition, to provide information on specific crops grown in the area, 
inventories were made from 1993 to 1994. Land use at a well was estimated from aerial 
photographs after the land area contributing water to the sampled well was determined. Finally, 
field notes were kept of land use within the contributing areas of individual wells. 

 
The ground water flow models MODFLOW (McDonald and Harbaugh, 1988) and 

MODPATH (Pollock, 1989) were used to estimate the up-gradient area most likely to contribute 
recharge to each sampling network well (Cowdery, 1997). A 5-layer model was constructed for a 
hypothetical 300 by 1500 m rectangular portion of the aquifer using 30 by 30 m cell dimensions 
and a representative range of average horizontal hydraulic gradients. Gradients ranged from 
0.00019 beneath flat lying areas to 0.0017 beneath sloping terrain adjacent to stream valleys. 
Layer 1 simulated unconfined conditions and allowed inputs of the average effective recharge 
rate (total precipitation minus losses from runoff and evapotranspiration). By specifying constant 
head cells, one edge of Layer 1 represented a ground water discharge area, such as a lake or 
stream. The other three edges of Layer 1 and all underlying layers edges were no-flow 
boundaries. The bottom of Layer 5 also was a no-flow boundary to represent a confining unit 
below the surficial aquifer. Layers 2 to 5 had equal thickness of 3.0 m and combined with Layer 
1 to represent a typical thickness for the aquifer ranging from 13.4 to 14.9 m. Isotropic conditions 
of horizontal hydraulic conductivity and a ratio of horizontal to vertical hydraulic conductivity of 
5 were assumed. 

 
The ground water model was developed by adjusting the hydraulic conductivity (31–73 m 

d-1) and effective recharge rate (17.7 cm yr-1) until horizontal hydraulic gradients reasonably 
matched those used in previous investigations and determined by water level measurements in 
this study. The model applied hydraulic conductivity was within the reported range of 27 to 183 
m d-1 (Reeder, 1972). Effective recharge compared favorably with annual average recharge rate 
estimated from water-level hydrograph analysis, assuming a porosity of 0.25 and a water balance 
based on 1994 discharge of the Otter Tail River and precipitation inputs. Surface water yield at 
the gauge near Perham, MN, was 1.8 × 106 L ha-1 in 1994 and precipitation was 7.14 × 106 L ha-1. 
Assuming that all ground water recharge eventually discharges to and leaves the basin in the 
river, the ratio of water yield to precipitation inputs (0.252) represents recharge. Using this 
method, recharge was therefore estimated as 18.1 cm compared with the value of 17.7 cm 
obtained in the model. 

 
The backward path line tracking option of MODPATH was used to compute ground 

water travel times and distances. All factors used in the simulations were within reasonable limits 
of measured or reported values (Reeder, 1972; Fetter, 1994). The model was used to estimate the 
radius of up-gradient areas of recharge contribution for low and high gradient conditions for the 
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study area. Ground water flow lines were tracked between a 1.5-m depth below the water table 
(representing the sampling depth of most wells used in the study) and the up-gradient water table. 
Simulations also were made for a 3-m depth below the water table for low-gradient conditions. 
The computed time of travel ranged from 2.5 yr for the 1.5-m depth of either gradient condition 
to 4.8 yr for the 3-m depth of the low-gradient condition. 

 
These model computed travel times do not account for time required for water to travel 

from soil surface to the water table. A review of precipitation records and ground water 
hydrographs suggests that a reasonable estimate of percolation time to be from 0.5 to 1 yr. Added 
to the model estimates, total travel times from land surface to ground water sampling depth are 
estimated to range from 3.0 to 5.8 yr. This range corresponds to contributing area radii of 150 to 
200 m depending on gradient and sampling depth of each well. Land use was characterized for a 
90° sector within the 150- to 200-m radius up-gradient of a well, with the exception of two wells 
where a 360° contributing area was used because of uncertainty about ground water flow 
directions. It was believed that a 90° sector would be adequate to incorporate true ground water 
flow direction given seasonal variability and direction uncertainty. 
 
 Sample Collection and Analysis 

 
One sample was collected from each of the 29 wells from 2 June to 26 July 1994. Major 

inorganic ion, nutrient, and dissolved organic carbon (DOC) concentrations were measured in all 
samples. Well sampling procedures are detailed in protocols by Koterba et al. (1995); Menheer 
and Brigham (1997) report the specific application of these protocols to this study. Water 
temperature, specific conductance, and dissolved oxygen (DO) concentration were continuously 
monitored before sample collection. When these measures stabilized, and at least three casing 
volumes of water had been extracted from the well, sample collection began. 

 
Samples were filtered through a 0.45- P�QLWURFHOOXORVH�ILOWHU��D����- P�VLOYHU�ILOWHU�ZDV�

used for DOC samples). Mercuric chloride preservative was added to nutrient samples; cation 
samples were preserved with nitric acid. Alkalinity was determined in the field by incremental 
titration. Nutrient and DOC samples were shipped on ice the day of collection to the U.S. 
Geological Survey National Water Quality Laboratory where they were analyzed using standard 
methods (Fishman and Friedman, 1989; Fishman, 1993; Wershaw et al., 1987). Equipment blank 
samples, field blank samples, replicate samples, and spiked samples (Koterba et al., 1995; 
Menheer and Brigham, 1997) showed a general lack of sampling contamination. 
 
 Mass-Balance Budget 

 
The N cycle in agro-ecosystems is comprised of numerous processes; however, it can be 

simplified as: (i) assimilation of NH4
+ and NO3

- from fertilizer, manure, and atmospheric 
deposition into biomass; (ii) decomposition or mineralization of biomass to NH4

+ through 
ammonification; (iii) oxidation of NH4

+ to NO, N2O, NO2
-, and NO3

- through nitrification; (iv) 
reduction of NO3

- to N2O, NO, and N gas (N2) through denitrification; (v) conversion of N2 to 
NH4

+ by N fixing organisms through N fixation; (vi) loss of NH3 either to the atmosphere by 
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volatilization or retention on soil particles by sorption; (vii) retention of NH4
+ on cation exchange 

sites or in clay interlayers; (viii) removal of N in harvested crops and animals; and (ix) loss of 
NO3

- to ground water by leaching (Stevenson, 1982; Anderson et al., 1989). The conceptual 
model for the Otter Tail outwash aquifer study area shown in Fig. 2 incorporates most  
components of the N cycle, either directly or indirectly through other processes or assumptions. 

 
Because of coarse sandy soils, we assumed sorption and cation exchange to be minimal 

and contributions from mineralization of soil organic matter (other than crop residues) was 
negligible. If N in soil organic matter is accumulating or being mineralized in the system, then 
excess N would be over estimated and under estimated accordingly. Although soil organic matter 
content for the area is not well documented, the few values available indicate it is <0.1% (L.J. 
Puckett, 1995, unpublished data). Furthermore, scientists at the University of Minnesota 
Agriculture Extension Service make no recommendations for N mineralized from soil organic 
matter in estimating fertilizer application rates in the study area (George Rehm, 1999, Univ. of 
Minnesota Extension Service, oral communication), therefore we feel justified in this 
assumption. Finally, it was inherent in the assumption that N leached to ground water as NO3

-, 
and excess N in other forms was mineralized and/or nitrified. 

 
The mass-balance budget of N sources and sinks was developed within a Lotus 123 

spreadsheet1 as a series of equations that incorporates various sources and sinks within the 
conceptual framework shown in Fig. 2. Equations in the spreadsheet are fairly simple accounting 
representations of the sources and sinks. Although some components of the mass balance are 
static values (e.g., the total fertilizer input) the more dynamic aspects are represented by 
interaction terms (e.g., a rate coefficient for fertilizer volatilization). In this budget, N sources 
were assumed to be commercial fertilizer, commercial animal feed, atmospheric deposition, and 
N fixation by both natural vegetation and crops. Sinks or losses of N were assumed to be animal 
products; crop uptake and harvesting; denitrification and nitrification losses of NO, N2O, and N2; 
and volatilization from fertilizer and animal manure. Animal manure was not accounted for as a 
direct source because its N content would have originated in the various sources listed above, the 
exception being to account for N transfer in animal manure between cropland and pasture-
grassland and volatilization losses. 
 
 

1Commercial names are provided for purposes of identification only and should note be 
interpreted as an endorsement by the U.S. Geological Survey. 
 

Atmospheric inputs were based on the average of deposition data from two nearby 
National Atmospheric Deposition Program–National Trends Network sites for the years 1992 to 
1993 (the 2 yr before sample collection) adjusted for dry deposition (gases, particles, aerosols) 
based on data from Sisterson (1990); dry deposition in North Dakota was estimated as 45% of 
wet and in Minnesota as 79% of wet. Typically only NO3–N is accounted for in atmospheric 
deposition, and NH4–N is assumed to have originated locally either from fertilizer or manure 
volatilization; this is done to avoid double accounting when volatilization is not estimated. 
However, because we estimated volatilization losses, we also included atmospheric deposition of 
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NH4–N as a source. 
 
Fertilizer N estimates were based on reported county sales in 1992, which were then re-

apportioned to cropland on a per-hectare basis. Most of the fertilizer used in the study area was 
applied as anhydrous ammonia in the spring, followed with lesser amounts of urea applied as a 
sidedressing. Volatilization losses of NH3–N from fertilizer were assumed to be 10% 
(Schlesinger and Hartley, 1992; Jordan and Weller, 1996); however, because of uncertainty 
associated with these rate estimates, we also estimated excess N at 5 and 15% volatilization rates. 
Removal in harvested crops was estimated based on reported crop yields (Minnesota Agric. 
Statistics Service, 1993), N content of those crops (The Fertilizer Inst., 1982), and inventories of 
crops being grown in the intensive study area near Perham. When transferring the crop harvest 
information from the Perham site to the Otter Tail outwash aquifer study area and the well 
contributing areas, it was assumed the same crops were grown in the same proportions on those 
areas. 

 
Nitrogen fixation was estimated as 78 kg ha-1 yr-1 for soybean, 5 kg ha-1 yr-1 for 

nonlegume cropland (Messer and Brezonik, 1983; Barry et al., 1993; Jordan and Weller, 1996); 
40 kg ha-1 yr-1 for edible bean (Jordan and Weller, 1996); 218 kg ha-1 yr-1 for alfalfa, 116 kg ha-1 
yr-1 for nonalfalfa hay (Keeney, 1979; Jordan and Weller, 1996); 20 kg ha-1 yr-1 for wetlands, 
water, and sediments (MacGregor and Keeney, 1975; Jordan and Weller, 1996); 15 kg ha-1 yr-1 
for pastures; and 10 kg ha-1 yr-1 for forests (Burns and Hardy, 1975; Jordan and Weller, 1996). 

 
Cattle were the only significant animal populations in the study area, and those were re-

apportioned from the 1992 Census of Agriculture county animal population data to the study area 
based on pasture area. Inputs in commercial animal feed were estimated based on animal N 
consumption rates (Thomas and Gilliam, 1977; Jordan and Weller, 1996). It was assumed that all 
animal feed other than hay and grass was imported from outside the area. Sinks resulting from 
animal product sales for human consumption were estimated as a percentage of animal 
consumption (Thomas and Gilliam, 1977; Jordan and Weller, 1996). Nitrogen in animal manure 
was estimated based on animal populations, animal manure production rates, and N content 
(Puckett, 1995). Volatilization losses of NH3–N from animal manure were assumed to be 35% of 
the total N content. This value represents a compromise between the 50% value used for 
Wisconsin by Keeney (1979) and the 10 to 40% values reported by Apsimon et al. (1987) and 
Schlesinger and Hartley (1992). The University of Minnesota extension service reports similar 
values depending on application methods (Michael Schmitt, Univ. of Minnesota Extension Serv., 
1999 written communication). Again, because of uncertainty of estimates, we repeated our 
calculations at 25 and 50% volatilization rates. 

 
Denitrification reduces NO3

- to N2 and nitrification oxidizes NH4
+ to NO3

-, with 
production of NO and N2O as intermediates in both processes (Eichner, 1990; Davidson and 
Kingerlee, 1997; Delmas et al., 1997; Hutchinson et al., 1997; Skiba et al., 1997). Nitric oxide 
emission rates were estimated as 3.6 kg N ha-1 yr-1 for cropland, 0.1 kg N ha-1 yr-1 for forests, 1.2 
kg N ha-1 yr-1 for pasture/grass, and 0.04 kg N ha-1 yr-1 for wetlands (Davidson and Kingerlee, 
1997). Nitrous oxide emission rates were only available for agricultural lands and were 2 kg N 
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ha-1 yr-1 for legumes and 0.014 kg N per kg fertilizer N applied to cropland or about 0.8 kg N ha-1 
yr-1 (Eichner, 1990). Estimates of N2 emission rates were not available and therefore are 
accounted for as part of the overall denitrification estimate calculated in the mass- balance. 

 
Agricultural scientists at the University of Minnesota (Anderson et al., 1989) have 

classified soils in the study area as having very high probabilities of substantial N leaching if N 
is applied in the fall, high probabilities (>60%) if applied in the spring before planting, and 
moderate (40–60%) if applied as a postplanting side dressing. Consequently, it seemed 
reasonable to assume most of the excess N would leach rather rapidly to ground water. The 
difference between the sources and sinks of N was assumed to represent a net excess available 
for leaching to ground water as NO3–N. 

 
Based on the steady-state ground water model developed for the aquifer, average effective 

recharge to the water table was estimated at 17.7 cm (177 × 106 L km-2) yr-1 and  it typically takes 
water about 4 yr to reach the 2.0-m median sampling depth (Cowdery, 1997). Predicted 
concentration of NO3–N in shallow ground water was calculated by dividing the amount of 
excess N by total water volume that reached the water table on an annual basis and is therefore a 
spatially weighted average estimate. Furthermore, the mass-balance budget assumes steady-state 
conditions with respect to variations in cropping patterns, climate, crop yields, N inputs, and 
changes in the soil organic matter N pool. The budget was calibrated using ground water quality 
data, and a series of calculations were run to test the implications and uncertainties of our 
assumptions about N fixation, volatilization, fertilizer application rates, and changes in 
precipitation and management practices. 
 
 RESULTS AND DISCUSSION 
 
 Ground Water Chemistry 
 

Concentrations of NO3–N (Table 1) ranged from < 0.05 to 46 mg L-1 with a median of 6.1 
mg L-1 and 43% of the 28 samples (one nutrient sample was lost at the laboratory) exceeded the 
USEPA maximum contaminant level of 10 mg L-1 (USEPA, 1996). Other forms of N and P were 
negligible. Median DOC concentrations of 2.1 mg L-1 were moderate for ground water but ranged 
as high as 11 mg L-1. Although DO concentrations were up to 10.1 mg L-1, the median of 3.6 mg 
L-1 is well below the equilibrium value (10.7 mg L-1 at 10°C) and suggests that O2 is being 
consumed within the system, probably to oxidize organic C in the outwash sediments. 

 
In areas where virtually all the available DO is consumed, denitrification becomes the 

terminal electron accepting process, which leads to lower NO3–N concentrations. Once most 
available NO3–N is consumed, bacteria utilize Mn oxides and then Fe oxides as terminal electron 
acceptors. Under very strong reducing conditions, bacteria will turn to sulfate reduction and 
methanogenesis. The net result of this evolution of water chemistry is a predictable sequence 
where DO and then NO3–N are consumed, Mn and Fe come into solution, SO4

2- is consumed and 
S2- may come into solution, and finally CH4 may appear in solution (Chapelle et al., 1995). 
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Gillham and Cherry (1978), working in outwash deposits in southern Ontario, reported a 
2 mg L-1 threshold for DO concentrations below which O2 was sufficiently limiting to bacteria 
for denitrification to become thermodynamically favored. Applying this threshold value to the 
Otter Tail data for samples below 2 mg L-1 DO, the medians were 0.1 mg L-1 and 0.5 mg L-1 for 
DO and NO3–N, respectively. For samples having DO concentrations >2 mg L-1, DO and NO3–N 
were 7.5 and 11.5 mg L-1, respectively. This suggests that for a large portion of the samples 
(43%), because of denitrification, NO3–N concentrations are much lower than would be 
expected. 

 
Iron and Mn concentrations also displayed a large range from below detection to as high 

as 9.7 and 1.5 mg L-1, respectively. Such large concentrations of dissolved Fe and Mn are 
indications that the redox state of ground water has entered the stage where reduction of Fe and 
Mn oxides has replaced reduction of O2 and NO3–N in the terminal electron acceptor process. 

 
Major ion chemistry was predominately Ca2+, Mg2+, and HCO3

-, which is consistent with 
both what is known of the outwash mineralogy and agricultural applications. X-ray diffraction 
analyses of sediment samples revealed they were up to 15% calcite (CaCO3) and 19% dolomite 
[CaMg(CO3)2] although, values in the 1 to 3% range for each were more common. These values 
are also consistent with the 5 to 8% total carbonate values reported by Berndt (1987) for outwash 
deposits nearby in the vicinity of Bemidji, MN. In addition, farmers in the area typically apply 
6.7 to 8.9 Mg ha-1 yr-1 of dolomitic limestone (Denzel Cooper, 1996, Univ. of Minnesota 
Extension Service, oral communication). Infiltrating ground waters would therefore be expected 
to develop a carbonate signature as a result of calcite and dolomite dissolution. 

 
Chloride and SO4

2- concentrations ranged as high as 56 and 93 mg L-1, respectively. 
Chloride commonly occurs in fertilizer as KCl and is a common contaminant associated with 
agricultural areas. With respect to S, there is little available S in the outwash sediments; 
therefore, it is commonly supplied as an agricultural supplement either as gypsum (CaSO4⋅2H2O

 ) 
or in more recent years as ammonium sulfate [(NH4)2SO4]. 
 
 Land Use 
 

As stated above, area land use (Table 2) was predominately cropland, ranging from 56% 
in the Perham area to 73% in the larger Otter Tail outwash aquifer study area. The Perham area 
had the largest area of pasture–grass and wetlands, whereas the larger study area had the most 
cropland and the least pasture–grass area. As a group, the wells were intermediate in cropland 
and pasture–grass area but had the largest areas of transportation and residential, commercial, 
and farmstead. In addition, the wells had no wetlands within their contributing areas. Crops 
grown in the area included corn (Zea mays L.), alfalfa, soybean, potato (Solanum tuberosum L.), 
wheat (Triticum aestivum L.), barley (Hordeum vulgare L.), oat (Avena sativa L.), and edible 
bean (Phaseolus sp.). The more intensive crops like corn, wheat, and potato were being rotated 
with alfalfa and soybean with 3 yr of intensive crops followed by 3 yr of less intensive crops. 
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 Nitrogen Source and Sink Coefficients 
 

From 1992 to 1993, approximately 11.9 × 103 Mg of N was applied as commercial 
fertilizer in Otter Tail County. Assuming that commercial fertilizer is applied only on the 2189 
km2 of county cropland, this gives a spatially averaged N application rate of 5426 kg km-2 yr-1, 
making it one of the major potential N sources (Table 3). Volatilization loses of NH3–N from 
fertilizer accounted for 543 kg km-2 yr-1. 

 
Commercial feed for cattle was a source of about 57% more N than was removed in 

animal products (Table 3). In addition, the majority of what cattle consumed was supplied 
through grazing and by hay grown in the area—3253 of the total 4951 kg N km-2 yr-1. The 
relatively small N amount removed in animal products is largely because the low conversion rate 
to biomass and the large amount returned in manure production (3003 kg N km-2 yr-1). 
Volatilization loses of NH3–N from this manure accounted for 1051 kg km-2 yr-1. 

 
Nitrate N in precipitation from 1992 to 1993 (Table 4) ranged from 0.71 to 1.91 kg ha-1 

yr-1 with a mean of 1.42 kg ha-1 yr-1. Dry deposition of NO3–N ranged from 0.32 to 1.51 kg ha-1 
yr-1 with a mean of 0.96 kg ha-1 yr-1. Deposition of NH4–N ranged from 1.3 to 3.0 kg ha-1 yr-1 
with a mean of 2.12 kg ha-1 yr-1. Total N deposition in precipitation therefore was estimated as 
4.5 kg ha-1 yr-1 (450 kg km-2 yr-1) with 47% coming from NH4–N that had volatilized from 
fertilizer and manure. As Table 3 shows, atmospheric deposition is the smallest potential N  
source on a per-km2 basis. 

 
Fixation was another major N source that was potentially larger than fertilizer, 

particularly for legumes (Table 3). For example, alfalfa can potentially fix 21 800 kg N km-2 yr-1. 
In areas where the alfalfa is harvested, much of the fixed N is removed. Under some management 
practices, however, it is merely plowed under at the end of the rotation, which creates a 
potentially large available source of organic N in the field that can later be mineralized and 
oxidized to NO3–N. In the Otter Tail study area, only a small amount of this fixed N is fed to 
farm animals and the rest is harvested and sold outside the area. 

 
Emissions of NO and N2O represented the smallest potential sinks for N ranging from 4 

to 360 and 77 to 200 kg km-2 yr-1, respectively. Both of these are intermediary by-products of 
nitrification and denitrification; processes in which NO3

- and N2 gas are the primary end 
products. Consequently, as by-products it is not surprising that their potential contributions are 
relatively small. 
 
 Mass-Balance Budget 
 

The N source and sink coefficients represent only the potential for gain or loss per km2. 
Because they integrate the sources and sinks into the overall mix of land use, however, the results 
of the mass-balance budget (Table 5) are indicative of N flow into, through, and out of the 212 
km2 Otter Tail outwash aquifer agro-ecosystem (Fig. 2). Nitrogen inputs were dominated by 
fertilizer and fixation, with the latter being the greater of the two, accounting for >53% of  total 
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N entering the system. Fertilizer is shown with other atmospheric sources in Fig. 2 because most 
is fixed industrially from atmospheric N; however, throughout the report it is discussed 
individually. 

 
Despite the fact that commercial feed represented a moderately large potential N source, 

because of the relatively small animal population in the study area, it was the smallest N source 
and accounted for only about 28.8 Mg yr-1. Even atmospheric deposition, at 96 Mg, accounted for 
three times as much N. 

 
Among the N sinks (Table 5), miscellaneous losses associated with cattle production, 

retention in wetlands and forests, manure volatilization, N2O emissions, and animal products 
accounted for only about 1% each, while NO emissions were about 3%. Volatilization of N from 
fertilizer was about 5% of total lost, denitrification was about 10%, and removal in harvested 
crops accounted for 76% of that lost, or about 68% of the N entering the system. The final net 
flux to ground water was about 229 Mg, which is three times the 76 Mg that would be expected, 
assuming a national average background concentration of 2 mg L-1 in ground water (Mueller et 
al., 1995). 

 
Two other sinks were added to the budget after the initial runs: forest retention and 

wetland–water retention. Estimated N inputs of 34 and 21 Mg to forest and wetland–water areas, 
respectively, and estimated recharge rate of 17.7 cm yr-1, resulted in predicted ground water 
NO3–N concentrations of 8.2 and 13.8 mg L-1, respectively. Because NO3–N concentrations >2 
mg L-1 in shallow ground water are considered atypical for undeveloped lands (Madison and 
Brunett, 1985; Mueller et al., 1995), we assigned values of 10 and 20 kg ha yr-1 in forest and 
wetland–water areas, respectively, for N retained in living or dead biomass. These net retention 
values fall near the 5.5 and 17.5 kg ha yr-1 values reported for the Experimental Lakes Area in 
Ontario, Canada, and a site in Coshockton, OH (Likens and Bormann, 1995). The remaining 
inputs resulted in a more realistic estimated ground water NO3–N concentration of 2.4 to 2.5 mg 
L-1. 

 
Net flux to ground water estimate was based on median concentration of NO3–N in 

ground water (6.1 mg L-1) and estimated recharge rate of 17.7 cm yr-1. We then assumed the 
difference between this net flux and total excess N (410.2 Mg) available for leaching was lost 
through denitrification. This seemed a reasonable assumption given that (i) as discussed above 
about 43% of sampled wells were in settings considered likely to support denitrification, and (ii) 
the 410.2 Mg of excess N would have resulted in a predicted ground water NO3–N concentration 
of 10.9 mg L-1. In addition, wells that agreed closely with predicted NO3–N concentration were 
generally well oxygenated, whereas those that were much less than predicted by the budget had 
low DO’s (suggesting denitrification). Resulting denitrification estimate of 181 Mg represents 
almost half (44.1%) of excess N. Because of denitrification heterogeneity and the spatially 
average fertilizer application rate used, estimating NO3–N concentrations for individual wells is 
not practical. 
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 Estimated Nitrate-Nitrogen Concentrations 
 

Table 6 lists the results of estimates calculated under various scenarios of crop harvests, 
N fixation, volatilization, fertilizer application rates, and changes in precipitation. With  
denitrification and net retention adjustments made to the budget, small variations in results of 
these simulations were caused by differences in land use makeup among the three study areas 
(Perham, Otter Tail, and well contributing areas). For this exercise we made the assumption that  
rate changes would not be offset by changes in denitrification. 

 
Interestingly, the largest changes in NO3–N concentrations occurred as the result of 

changes in the amount of crop harvests. A 10% increase in crop harvests resulted in a decrease in 
NO3–N concentrations of almost 2 mg L-1, while a 10% decrease resulted in an increase in NO3–
N concentrations of the same amount. The main reason for these dramatic changes in NO3–N 
concentrations is that under base conditions crop harvests remove about 76% of N lost from the 
system. Consequently, even small fluctuations can result in large amounts of excess N being 
removed from the system or leached to ground water. The greatest changes in NO3–N 
concentrations occurred in the Otter Tail and well contributing areas because of the larger 
cropland areas. 

 
Changes in N fixation rates also resulted in some very large potential changes in NO3–N 

concentrations. For example, reducing miscellaneous fixation rate from 5 to 0 kg ha-1 yr-1 was 
approximately equivalent to a 10% reduction in fertilizer use; this response was not unexpected 
because the miscellaneous fixation rate was applied to the entire cropland area not planted in 
legumes. A 10% reduction in alfalfa fixation produced a similar result. Setting the pasture–grass 
fixation rate from 15 to 0 kg ha-1 yr-1 had no effect in the well contributing areas, but reduced 
NO3–N concentrations markedly elsewhere, especially in the Perham study area, which contained 
the largest areas of that land use setting. Similarly, effects of changing N fixation in forest or 
wetlands–water settings were minor, except for the Perham area, which has the largest 
percentage of forests and wetlands. 

 
A 10% increase or decrease in fertilizer use had large effects on ground water NO3–N 

concentrations, reflecting the large areas of cropland in all three study areas. Changes in  
fertilizer volatilization rate to 5 and 15% resulted in increases and decreases in concentrations of 
about 0.4 to 0.6 mg L-1, respectively; however, changes in manure volatilization rate to 25 and 
50% had virtually no effect. A 10% decrease in atmospheric deposition reduced NO3–N 
concentrations by only 0.1 mg L-1. 

 
Recharge rate variations also resulted in changes in NO3–N concentrations of similar 

magnitude to changes in fertilizer application rates. These changes were because an increase or 
decrease in volume of water reaching the water table would either dilute or concentrate dissolved 
constituents. Such variations in actual recharge rates in the field could therefore account for some 
of the variation seen in the well sample results. Naturally, at some point decreases in recharge 
rate should result in less N being transported from the surface to the water table; however, these 
simulations assume near-normal conditions. 
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Overall, the budget seems most sensitive to changes in crop harvest, fertilizer use, N 

fixation by crops, and recharge to the water table. It should not come as a surprise that these 
factors would dominate the N cycle given that: (i) fertilizer and N fixation combined accounted 
for about 96% and crop harvest removed about 68% of N entering the system; (ii) cropland and 
pasture were the dominant land use (81%); and (iii) approximately 40% of the cropland is in N-
fixing crops such as alfalfa, edible bean, and soybean. 
 
 The Nitrogen Cycle 
 

The conceptual model for the Otter Tail outwash aquifer study area shown in Fig. 2 
provides an overall perspective of sources, sinks, and mass transfers of N and relative 
magnitudes of each. It is immediately apparent that nonagricultural compartments of the cycle are 
negligible, largely because of the small portion of the study area in those settings (19%). As 
indicated above, the budget is sensitive to changes in fixation rates and fixation is potentially a 
relatively large N source. Sensitivity to N fixation rates was because fixation rates for crops like 
alfalfa are so large that even small changes in fixation rate can produce dramatic changes in 
potentially available N. However, most fixed N is assumed to be retained in living and dead 
biomass and is removed when crops are harvested, which leaves little to mineralize and leach to 
the water table. Approximately 97% of the N fixed by alfalfa, bean, and soybean is removed at 
harvest, suggesting that fertilizer is the primary source of excess N in cropland areas. 

 
From Fig. 2, it is obvious that among the various compartments, cropland contributed the 

most (approximately 89%) to total excess N. Because fertilizer and fixation inputs (1869 Mg) 
and crop removal exports (1392 Mg) are so large compared with other sources and sinks in the 
cropland area, their difference (477 Mg) came close to the estimated excess N (410 Mg). The 
importance of crop harvests in removing N was dramatically shown in potential changes in 
ground water NO3–N concentrations resulting from hypothetical changes in crop harvests. Crop 
failures that occur after fertilizer applications are completed could result in leaching of large 
amounts of NO3–N to ground water; whereas, exceptionally good harvests could result in 
reduced leaching. These results point out the potential importance of ensuring that fertilizer 
applications not exceed optimum amounts, therefore, reducing ground water contamination and 
lessening the impact of crop failures. 

 
Our results appear to demonstrate that fertilizer is the primary source of excess NO3

- that 
leaches to ground water in these well drained outwash soils. However, there has been discussion 
in recent years on the relative value of reducing fertilizer application rates as a means of reducing 
NO3

- leaching to ground water. Addiscott (1988) argued that long-term mineralization of soil 
organic matter is the source of excess N leaching to ground water, and because fertilizer N must 
pass through the soil organic matter pool “manipulating fertilizer use other than on a very long-
term basis” cannot control NO3

- leakage to ground water. Hanson and Djurhuus (1996) further 
demonstrated that use of a cover crop could be more efficient in reducing NO3

- leaching than 
long-term low fertilizer application. Similar results using cover crops were reported by Thomsen 
et al. (1993) and by Beckwith et al. (1998). However, Hanson and Djurhuus (1996) also 
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recognized the risk of leaching can be reduced by limiting fertilizer applications to the optimum 
level. 

 
Lord and Mitchell (1998) showed that at higher than optimum application rates, more 

than half of the excess N could be accounted for in the NO3
- leached to ground water. They 

reached the conclusion that “the most cost effective action to reduce NO3
- leaching is to ensure 

that inputs do not exceed the economic optimum.” It has been estimated that in the USA, farmers 
typically apply 24 to 38% more N than is required (Babcock and Blackmer, 1992; Trachtenberg 
and Ogg, 1994). This 24 to 38% excess would amount to 9.5 to 15.1 kg N ha-1 yr-1 compared 
with the 10.8 kg N ha-1 yr-1 we estimated. Also, were it not for denitrification losses, the average 
NO3–N leaching for the entire Otter Tail outwash aquifer study area would have been 19.3 kg N 
ha-1 yr-1. Unfortunately, the use of cover crops, other than multiseason alfalfa plantings, in this 
area is negligible, so N from mineralized crop residues and excess fertilizer may readily leach to 
ground water. Therefore, our interpretation is that in these sandy outwash soils, controlling short-
term mineralization of crop residues and fertilizer N may be more important for reducing NO3–N 
leaching than long-term leaching from natural soil organic matter. 

 
Although cattle and dairy production was small in the study area, it represented a net 

transfer between cropland and pasture–grass lands. We estimate that 10.8 Mg more N is 
consumed by cattle as hay than was returned to cropland in manure and as a result, 6.6 Mg more 
N was contributed to pastures in manure than was removed through grazing (Fig. 2). Cattle and 
dairy production resulted in a net export of 18.3 Mg of N from the study area as beef and dairy 
products and 14.7 Mg in animal biomass either in the form of nonconsumable products or waste. 
Net excess N estimated as 25.7 Mg resulted in a NO3–N concentration of 8.5 mg L-1 in ground 
water originating solely from pasture and grass areas. This 25.7 Mg of excess N can be entirely 
accounted for from inputs in atmospheric deposition (7.6 Mg) and fixation (25.5 Mg) suggesting 
that animal production was not contributing significantly to ground water contamination. 

 
Even though atmospheric deposition was a source for 95.6 Mg of N to the Otter Tail 

outwash aquifer study area, only 50.6 Mg in the form of NO3–N was a true input. The remaining 
45 Mg occurred as NH4–N, which is assumed to have originated within the study area after 
having volatilized as NH3–N from manure and fertilizer. Still, this NH4–N accounted for only 
about 46% of the 102 Mg of volatilized N; the remainder is assumed to have left the study area 
and been deposited elsewhere and therefore may be a true export from the ecosystem. There is 
uncertainty in the total amount that was exported because we were not able to estimate dry 
deposition of NH4–N. If all the exported NH4–N were deposited within the study area, it would 
represent a net increase in atmospheric deposition of about 60% (152.6 Mg). This net increase in 
atmospheric deposition would have almost the same effect on ground water NO3–N as the 10% 
increase in fertilizer application shown in Table 6. 
 
 CONCLUSIONS 
 

Both industrially fixed N in the form of inorganic fertilizer and organic N from N fixing 
crops dominate N cycling in the study area. Fixation of N by legumes, particularly alfalfa, 
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represents a potentially large N source that exceeds that from inorganic fertilizer. Most fixed 
organic N is removed in harvested crops or as hay, however, and does not appear to present a 
threat to ground water. Also, because of the small size and dispersed nature of animal production 
in the area, it does not appear to contribute to ground water contamination. Instead, our analysis 
suggests that inorganic fertilizer is the primary source of N reaching shallow ground water. More 
importantly results suggest these sandy outwash soils may be unlike some agricultural lands 
where soil organic matter pool may play an important role in regulating NO3–N leaching. Instead, 
controlling short-term mineralization of crop residues and fertilizer N, through the use of cover 
crops and optimizing fertilizer applications, may be more important for reducing NO3–N 
leaching. 

 
After accounting for denitrification losses, ground water in the study area appears to be 

receiving approximately three times as much N than would be expected under natural conditions. 
Furthermore, denitrification removes almost half of the excess N leaching below the root zone 
and therefore appears to be a major factor in mitigating impacts of excess N to ground water. 
Further research is needed on the processes controlling N removal in outwash aquifers to limit 
and/or prevent contamination of ground water, particularly on the importance of soil organic 
matter pool and use of cover crops. 

 
The mass-balance approach, combined with adequate ground water data, is a simple and 

convenient method for understanding flow of N within and through an agro-ecosystem. This 
approach provides a convenient conceptual framework for systematically studying N cycling in a 
variety of agricultural and hydrogeologic settings. Although the necessary crop and fertilizer data 
are readily available for most agricultural areas, ground water quality data seldom are, which is a 
factor that could greatly limit the utility of this approach. Fortunately, assessment programs in 
both the USA and Europe are gathering ground water quality data similar to that used in this 
study, making more large scale systematic studies of this nature possible in the future. 
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Table 1.  Concentrations of selected constituents in ground water from 29 randomly sampled wells (28 in the case of 
nutrients) located throughout the 212.4 km2 Otter Tail outwash aquifer study area. All units are mg L-1 with the 
exception of Fe2+ and Mn2+ which are µg L-1 
 

Constituent Median Range 
Na+ 2.4 1.3-21.0 
K+ 1.3 0.2-6.7 
Ca2+ 76.0 45-120 
Mg2+ 20.0 12-38 
HCO3

- 254.5 138-373 
Cl- 7.6 0.7-56 
SO4

2- 12.0 2.3-93 
NO3-N 6.1 0-46 
NH4-N 0.0 0.0-0.3 
Org-N 0.1 0.1-0.6 
PO4-P 0.0 0.0-0.2 
Fe2+ 45 4-9700 
Mn2+ 14 0-1500 
DOC 2.1 0.6-11 
DO 3.6 0.1-10.1 

 
 
 
Table 2.  Land use in the study areas expressed as a percent of total land use 
 

Land use Otter Tail Perham Wells† 
Cropland 73 56 65 
Pasture/Grass 8 20 11 
Residential/Commercial 3 2 9 
Transport 1 1 9 
Forest 11 10 6 
Wetland/Water 4 11 0 

† The contributing areas of all the wells sampled as part of the study. 
 
 



 

 

 
 

22

 
Table 3.  Source and sink coefficients used in the mass-balance budget. Items followed by a “+” are sources and 

those followed by a “-” are sinks. 
 

Sources/Sinks  Coefficient Area 
  kg N km-2 km2 

 Atmospheric deposition   + 450.0 212.4 
 Fertilizer volatilization      - 542.6 155.0 
 Forest retention               - 1000.0 23.4 
 Manure volatilization        - 1050.9 17.0 
 Animal products - 1074.9 17.0 
 Commercial feed + 1697.7 17.0 
Wetland/water retention - 2000.0 8.5 
Manure † 3002.6 17.0 
Fertilizer + 5426.4 155.0 
Crop harvest - 9153.2 155.0 
Nitrogen fixation    

Cropland + 500 93.8 
Forest + 1000 23.4 
Pasture/Grass + 1500 17.0 
Wetland/Water + 2000 8.5 
Edible Beans + 4000 1.2 
Soybeans + 7800 23.7 
Alfalfa + 21800 36.3 

Nitric oxide    
Cropland - 360 155.0 
Forest - 10 23.4 
Pasture/Grass - 120 17.0 
Wetland/Water - 4 8.5 

Nitrous oxide    
Cropland - 77 155.0 
Legumes - 200 61.2 

 †Manure was used to account for internal transfers, not as an external  
 input to the system. 
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Table 4.  Estimated annual atmospheric deposition of nitrogen (kg ha-1) in both wet and dry forms 
 

Site Year NO3-N NH4-N Total 
  Wet Dry   
MN23 1992 1.82 1.44 3.00 6.26 
MN23 1993 1.91 1.51 2.20 5.62 
ND11 1992 0.71 0.32 1.30 2.33 
ND11 1993 1.24 0.56 1.97 3.77 
Mean  1.42 0.96 2.12 4.50 

 
 
 
Table 5.  Estimates of sources and sinks of nitrogen (Mg) for the 212.4 km2 Otter Tail outwash aquifer study area 

 
   
Sources  Mg % 

Commercial Feed  28.8 1.4 
Atmospheric Deposition 95.6 4.6 
Fertilizer 841.3 40.9 
Fixation 1093.8 53.1 

Subtotal 2059.4 100.0 
   
Sinks   

Cattle (Other) 14.7 0.8 
Wetland/Water Retention 17.0 0.9 
Manure Volatilization 17.9 1.0 
Animal Products 18.3 1.0 
Forest Retention 23.4 1.3 
Nitrous oxide losses 24.2 1.3 
Nitric oxide losses 58.0 3.2 
Fertilizer Volatilization 84.1 4.6 
Denitrification 180.9 9.9 
Crop Harvest 1391.5 76.0 

Subtotal 1830.1 100.0 
   
Net Flux 229.3  
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Table 6.  Estimates of ground water NO3-N concentrations (mg L-1) under various scenarios of changes in sources and 
sinks 

 
Scenario Otter Tail Perham Wells 
Base condition 6.1 6.1 6.1 
Recharge    

10% decrease (15.9 cm) 6.8 6.8 6.8 
10% increase (19.5 cm) 5.5 5.5 5.5 

Crop harvest    
10% increase 4.3 4.6 4.2 
10% decrease 7.9 7.6 8.0 

Fertilizer     
10% increase 7.1 6.9 7.1 
10% decrease 5.2 5.3 5.1 

Atmospheric deposition    
10% increase 6.2 6.2 6.2 
10% decrease 6.0 6.0 6.0 

Fertilizer volatilization 
50% increase (15%) 
50% decrease (5%) 

 
5.6 
6.6 

 
5.7 
6.5 

 
5.5 
6.7 

Manure volatilization 
43% increase (50%) 
29% decrease (25%) 

 
6.0 
6.2 

 
6.1 
6.1 

 
6.1 
6.1 

Fixation    
Miscellaneous 

 None 
5.1 5.3 5.0 

Forest 
1000 kg km-2 

6.4 6.4 6.1 

Pasture/Grass 
None 

5.8 5.2 6.1 

Wetlands/Water 
2000 kg km-2 

6.3 6.8 6.1 

Alfalfa  
10% decrease 

5.1 5.3 5.0 
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Fig. 1. The Otter Tail outwash aquifer study area showing locations of individual wells sampled. 
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Fig. 2. The flow of N (Mg yr-1) in the 212.4 km2 Otter Tail outwash aquifer study area. Lines and 
associated values represent N fluxes; values in boxes are net retention or other losses except in 
the case of ground water, which is the total flux of N reaching the water table. Values in 
parentheses are predicted NO3–N concentrations (mg L-1) for the given N flux. 
 
 


